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Abstract. Sustainable management of natural water
resources should include environmentally sound dam
construction and operation with respect to both upstream
and downstream management. Because of slowly evolv-
ing alterations in riverine ecosystems following the con-
struction of a dam – due to the sometimes large distances
between dams and affected areas, and the interference
with other anthropogenic activities – some of the effects
of damming may be overlooked. Constructing reservoirs
modifies the biogeochemical cycles, such as interrupting
the flow of organic carbon, changing the nutrient balance,
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and altering oxygen and thermal conditions. The con-
sequences of altered processes may not be immediately
apparent and may become obvious only after a long
period of time or only in combination with other
anthropogenic alterations. It is difficult to give precise
predictions of the impacts of a particular dam due to the
complexity and individuality of aquatic ecosystems.
However, this remains the challenge while planning and
constructing new dams. Protecting and restoring river
basins has been called for by the World Commission of
Dams (WCD). 
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Introduction

Damming of rivers and pre-existing lakes has a global
impact on natural water resources. Almost 800’000 ar-
tificial lakes and reservoirs (covering an area almost
500’000 km2; ª 3 ‰ of the land surface) have been built
(Gleick, 1999; McCully, 1996; Gleick, 1993) in order to
provide services such as drinking water supplies, hydro-
power production, irrigation and flood control. On a global
scale, river damming increases the average residence
time of river waters by a factor of 3, from 16 days to 
47 days (Covich, 1993). The estimated storage volume in
reservoirs worldwide is 8’400 km3, compared to a water

volume of 1’200 km3 in natural rivers. This translates in a
ª 700% increase in the “standing” stock of free flowing
river water (Vörösmarty et al., 1997). In certain regions,
such as Southeast Asia, man-made lakes and reservoirs
comprise by far the greatest area of inland waters (Fer-
nando, 1984).

Impoundments change the characteristics of a water
body from “rivers” to “lakes”, affecting not only the
hydrology but also physical, chemical, and biological
characteristics. These changes include increases in re-
sidence time, temperature, stratification, and reduction in
turbulence, most often a decrease in particles and turbid-
ity and sometimes an increase of autochthonous primary
production. In other cases, shoreline erosion or hydro-
power-related discharge may lead to higher turbidity.
Additionally, residual flow, hydro-peaking and seasonal
changes in the hydrological regime will affect down-
stream rivers, lakes and reservoirs, their dynamics and
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water quality. Installing reservoirs will disrupt the natural
biogeochemical cycles of carbon, nutrients and metals
and possibly affect the whole catchment including down-
stream ecosystems such as wetlands, estuaries, deltas and
adjacent sea areas.

The World Commission on Dams (WCD) has recently
summarized the major environmental impacts of large
dams (WCD, 2000; Bergkamp et al., 2000). These im-
pacts are mostly negative and are often complex and
cumulative. While some changes caused by impound-
ments are obvious and not debatable, other changes are
more subtle and might turn into an adverse effect only
after a long period of time or in combination with other
anthropogenic activities. Thus these effects are difficult
to predict. While the WCD (2000) report provides an
overview of all possible effects, the present article con-
centrates on the disruption of biogeochemical cycles.
Since such changes may occur slowly and subtly some
potentially detrimental effects may have been overlooked
for different reasons (such as missing systematic data,
neglecting down-stream effects etc).

Changing rivers into lakes

Reservoirs constitute an intermediate type of water body
between rivers and natural lakes having both river-like
and lake-like characteristics. The main features differing
from a lake are, e.g., (i) the position of the outlet of a
reservoir being often located at the deepest part of the
water body, (ii) the timing and the variability of the dis-
charge, (iii) the existence of longitudinal gradients in
physical, chemical and biological features, (iv) the unnat-
urally-long shore lines due to dendritic shapes, and (v) of-
ten a broad drawdown zone due to high fluctuations in
water level. The possibility to withdraw water selectively
from different depth has implications on the mixing of the
man-made water body. The altered and unnatural timing
of discharge affects both the reservoir and the down-
stream part of the river. 

When changing a stretch of a river into a reservoir 
the slowdown of the flow subsequently evokes particle
settling, turbidity decreases and light transmissivity
increases, enhancing in-situ primary production. Thus,
from the headwater of the reservoir to the dam the river
changes from an allochthonous dominated system to a
more lacustrine system, where autochthonous production
of organic matter dominates. The change from an al-
lochthonous to an autochthonous regime alters the carbon
(C), phosphorus (P), nitrogen (N) and silicon (Si) bio-
geochemical cycles. As each nutrient cycle responds
differently, their ratios are also subject to changes (see
below). The increase in residence time affects salt con-
centrations due to evaporation, temperature and oxygen
concentration. Both, increased residence time and au-

tochthonous production of biomass will alter redox con-
ditions and subsequently effect nutrient cycling and po-
tential hazardous metal release from the sediments. 

One of the main aspects of reservoirs is the slowdown
of the flow velocity compared to the original river and the
related settling of particles. If the particle’s sinking
velocity is larger than the advective upwelling, caused 
by the river inflow, the particle will settle out, while the
water flows through the reservoir. The sinking velocity 
vp (m s–1) depends on the particle’s size: According to

DÇ g
Stokes’ relation: vp = 6 7 Dp

2, where DÇ (kg m–3) is
Ç 18 n

the density difference between particles and water, r is
the density of water (ª1000 kg m–3), g = 9.81 m s–2 is the
gravitational acceleration, n (ª 1–1.5 · 10–6 m2 s–1) is the
viscosity of water and Dp (m) is the particles diameter.
The upwelling is caused by the river water, intruding into
a reservoir with discharge Q (m3 s–1) at depth z. As a re-
sult, the water layers above the intrusion level lift up with
the velocity w(z) = Q(z)/A(z) (where A(z) is the lake area
at depth z). If vp > w(z), the particle will settle. For a typ-
ical example, such as the Upper Arrow Reservoir (British
Columbia, Canada, see map in Fig. 1), the discharge of
the Columbia River (average Q ª 1190 m3 s–1) and the
reservoir surface area (A ª 330 km2) leads to a vertical
velocity of w ª 0.3 m per day. It follows from the equation

Ç 18n Q
above that particles larger than Dp > �6 7 3�

1/2

DÇ g   A
will sink to the bottom of the reservoir. For inorganic par-
ticles, where DÇ (ª1700 kg m–3) is large, the limiting par-
ticle diameter is ª1.8 microns (mm), whereas for organic
particles, with DÇ (ª 20 kg m–3) being small, the limit
would be as large as ª 22 microns (mm). Among the in-
organic particles, mainly the colloidal fraction remains
suspended in the water. In contrast, even the largest or-
ganic particles are prevented from settling and can subse-
quently get washed out, especially if the reservoir outlet
is at the base of the dam (Matzinger and Wüest, 2001).

The variation in discharge causes equivalent variation
of the washout particle size. In reservoirs with primary
production, discharge-related changes of the residence
time affect the phytoplankton community because slow-
growing algae get washed out, whereas fast-growing al-
gae may withstand flood pulses with their high rate of re-
production (Straskraba et al., 1993). The biotic commu-
nities in lakes and reservoirs depends therefore strongly
on the timing of the discharge (Komarkova et al., 1996).

The effect of oxygen depletion on changes 
in carbon cycling 

A further potential consequence of the transition from a
river to a lake is the depletion of oxygen. The upstream
part of the reservoir receives the easily degradable
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organic matter of riverine origin, which is deposited on
the sediment and mineralized. In the deeper part of the
reservoir also in-situ produced particles (e.g. algae)
settling to the sediment consume oxygen. Thermal strati-
fication reduces the exchange between surface and deep
water, eventually leading to anoxic conditions (Cooke 
et al., 1993). Low oxygen concentrations create problems
within the reservoir (see below) as well as within the
discharged downstream waters. In some countries, dis-
charged water from reservoirs has to meet certain water
quality standards. For example many US Federal Energy
Regulatory Commission licenses now include minimum
dissolved oxygen levels typically of 5 to 6 g m–3 in the
released water (Mobley, 1997). If reservoirs are used for
drinking water supply, the quality standards are even
higher (Cook and Carlson, 1989). As a consequence,
drinking water suppliers and hydropower generators must
frequently add large quantities of (often pure) oxygen to
the stored water prior to or during release to mitigate this
environmental impact. Different such techniques in use
are described by Mobley (1997) or Beutel and Horne
(1999). 

Within the reservoir, the depletion of oxygen trig-
gers reduction of nitrate, manganese (hydr)oxides, iron
(hydr)oxides and sulfate. Reduced products such as
Mn(II), Fe(II), NH 4

+ and H2S can accumulate in the deep
waters. In addition of being toxic to fishes and higher
organism, these reduced compounds keep the sediment-
water interface anoxic and thus preventing the build-up 
of iron hydroxide layers (Cook and Carlson, 1989). With
the loss of iron to the overlying water, the sediment’s 
retention capacity for phosphorus decreases. As a result,
the productivity of the system is enhanced. Under anoxic
conditions, microbial methanogenesis and denitrifica-
tion lead to the production and potential emission of 
the greenhouse gases methane (CH4) and nitrous oxide
(N2O). 

Reservoirs as source of methane

Anoxic conditions are often encountered in young reser-
voirs (Petts, 1984). Newly flooded soil and vegetation can
act for a limited period of time as a source of nutrients, as
the inundated vegetation begins to decompose and de-
plete oxygen. Under anoxic conditions the widely abun-
dant biomass will be transformed mainly into carbon
dioxide (CO2) and methane (CH4). During an initial pe-
riod after flooding labile organic matter can decompose
rapidly and therefore emissions can be huge. A decrease
of emissions is expected only after several years, with a
time span of 20 years for reservoirs in tropical forests 
( Galy-Lacaux et al., 1999; Fearnside, 1997) or even more
for reservoirs in northern regions (Rudd et al., 1993). In
several dammed reservoirs in Brazil the flooded forest
continued to decompose over decades, emitting CO2 and
CH4. 

Little basis exists for calculating and predicting such
emissions from reservoirs (Rosa et al., 1996; Fearnside,
1995; Rosa et al., 1995), and most of the available data
are from boreal (Northern Canada and former USSR) or
tropical (Brazil) climates (Lucotte et al., 1997; Rosa 
et al., 1997; Rosenberg et al., 1995). To fully assess the
green house gas emissions caused by building a reservoir,
it is essential to determine the emissions from various
ecosystems in the watershed before the construction of a
dam and after, in order to establish the net emissions.
However, a meaningful assessment of the net emission is
not an easy task. Firstly, uncertainties in measuring the
gross emission arise from spatial differences within the
reservoirs, seasonal variations and the formation and
escape of CH4 bubbles, which are difficult to quantify.
Secondly, a number of processes have to be taken into
consideration to determine net emissions reliably. At-
mospheric CO2 entering the system “reservoir” might be
measured as gross emission and has to be deducted.
Emission that would have occurred in a non-reservoir
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Figure 1. Watershed of the Canadian Columbia River. The trian-
gles indicate dams (pointers directed in the flow direction. “Treaty
dams” were built based on the 1963 Columbia River Treaty between
USA and Canada. Kootenay Lake and Kinbasket Lake, as well
as Upper and Lower Arrow Reservoir were previously lakes, which
have been enlarged by damming. Revelstoke Reservoir, Koocanusa
Reservoir and Duncan Reservoir are dammed rivers (adapted 
from Columbia Basin Trust home page: www.cbt.org/html/
map.html).



situation, such as from preexisting lakes, soils, wet- and
peatlands, and long-term storage in the sediment of the
reservoir must also be quantified and subtracted from the
gross emission. However, the creation of a reservoir
might turn preexisting lakes anoxic and thus trigger the
conversion of organic carbon into methane instead of
CO2. As methane has a much higher potential for global
warming than CO2 (56 on a 20 year time horizon, 21 for
100 year; IPCC, 1996) this will have a negative effect on
the greenhouse gas budget. On the other hand, wetlands
and peatlands might emit less CH4 after flooding with
oxygen-containing water, because methane may get con-
verted to CO2 within the water body. This conversion 
is more likely to occur in deep waters, where methane
undergoes efficient microbial oxidation to CO2, whereas
methane from shallow waters may form bubble escaping
to the atmosphere. And lastly, the loss of the long-term
storage capacity of carbon in forest soils has to be added
to the gross emission. The studies published so far on
methane emissions from large reservoirs illustrate the
potential problem. However, careful process studies are
required in order to resolve some of the remaining con-
troversies on typical ranges of green house gas emissions
per kWh of produced hydropower.

The effect of oxygen depletion on the 
mercury cycle

In certain reservoirs in northern Canada elevated concen-
tration of methylmercury in fish are not uncommon. It
was observed that after flooding of new reservoirs, the
concentration in piscivorous fish increased. For example
methylmercury concentrations in pikes and walleyes
from La Grande Reservoir (Quebec) exceeded at times
the Canadian Health and Safety limits for food (Rosen-
berg et al., 1995; Hecky, 1991). 

To a certain extent, mercury is present in all soils.
Elevated concentrations are partly due to the geological
underground and partly due to atmospheric deposition 
of mercury prior to damming (Martinet-Cortizas et al.,
1999; Rasmussen et al., 1998;  Alloway, 1995; Engstrom
et al., 1994;). In the latter case, Hg originates from an-
thropogenic activities such as copper and zinc smelting,
burning of fossil fuels and from chemical industries. In
soils mercury is present mainly in inorganic form as Hg2+

(Steinnes, 1995). This major fraction strongly adsorbs to
organic matter and to a lesser extent to mineral surfaces
(Alloway, 1995). The mobility and the availability to
plants are very low. In aquatic systems inorganic mercury
is transformed into methylmercury. The concentration of
methylmercury is a result of the balance between produc-
tion of the compound and degradation by microorgan-
isms (Bodaly et al., 1997; Gilmour et al., 1992; Hecky et
al. 1991). Production within and remobilization from the

sediment is especially intense under anoxic conditions,
often encountered in young reservoirs (Herrin et al.,
1998). It is believed that sulfate-reducing bacteria, active
under anoxic conditions, trigger the conversion of in-
organic Hg to methylmercury. Thus, the balance be-
tween methylation and demethylation is shifted to high
methylmercury concentrations within the sediments and
in the overlying water (Bodaly et al., 1997; Gilmour et al.,
1992). The compound enters the food chain and accumu-
lates in higher organisms and fishes or it is directly ad-
sorbed from water in the gills of fish (Paterson et al.,
1998; Hecky et al., 1991). The final methylmercury 
concentration in the fishes is determined by mercury 
input, the net balance between methylation and de-
methylisation and the magnification factor in the food
chain. Hecky et al. (1991) found that the methylation/
demethylation balance rather than the total mercury con-
centrations in the substrate determines methylmercury
concentrations in fish. Methylation seems to be favored
in the presence of terrestrial material. The microbial 
influence on the methylation/demethylation balance is
not yet fully understood. Flooding of areas with terrestrial
organic matter and occurring sulfate reduction seem 
to be the trigger for enhanced methylation. The high-
est methylation rates are therefore to be expected in
shallow reservoirs, where anoxic waters cover organic-
rich soils.

Downstream effects of changes in oxygen 
concentrations

If the river water is rich in organic compounds or nutri-
ents, the storage of river water may cause significant
decrease in dissolved oxygen concentrations in the deep-
water layers of the reservoir. Since the oxygen concen-
tration in the discharged water follows the reservoir con-
centration at withdrawal level, deep outlets may release
low-oxygen water into downstream during stratification
periods. Such water can contain, in addition, reduced
compounds that may lead to reduced assimilation cap-
acities of the downstream river, which is especially
important if domestic and industrial effluents are present.
A sufficient supply of dissolved oxygen is essential for
the integrity of river ecosystems and vital to the self-
purification process within rivers. 

The downstream availability of oxygen is a function
of the load of reducing compounds and organic sub-
stances, and the rates of respiration, photosynthesis and
gaseous exchange with the atmosphere. The re-aeration
of river water depends on the saturation deficit (cs-c) of
oxygen and on the exchange velocity (vex ) across the 
air-water interface, which in turn depends on the tur-
bulence level of the river. The volumetric re-aeration of
the river water can be calculated as: dC/dt = K · (cs– c) =
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(vex /h · (cs–c), where K = re-aeration coefficient, h =
mean depth, cs = saturation concentration of oxygen and
c = actual oxygen concentration (Durum 1971). For a
smooth flow, the exchange surface of the river is equal to
the river area and the re-aeration varies only with the river
depth (h) and the oxygen deficit (cs–c). However, rough
hydraulic structures can cause the air-water contact 
area to become many times larger. Subsequently the re-
aeration depends also on the slope of the river. Accord-
ingly the re-aeration is fastest in turbulent, steep and 
shallow rivers (Cirpka et al., 1993). At a given oxygen
loading, slow flowing and deep lowland rivers have up to
ª10 times lower re-aeration capacities (O’Keeffe et al.,
1990; Vörösmarty et al., 1997).

A typical situation of water quality degradation due 
to the deep release of oxygen-depleted water is found 
below Lake Hume Reservoir in the Murray River (mean
water discharge of 133 m3 s–1), Australia. The long 
residence time of 270 days results, especially in summer,
in oxygen depletion of the bottom water in the 41 m deep
reservoir. The released Murray River water contains 
on average 50% and 70% oxygen saturation after 0 
and 25 km downstream of the reservoir, respectively 
(Fig. 2). 100 km downstream, the oxygen finally reached
values typical for reference sites at the Murray River 
not influenced by Lake Hume. The long distance reflects
the rather slow re-aeration of the river due to its 
large water depth and its gentle slope (Walker et al.,
1978).

In opposition to low dissolved oxygen levels, super-
saturated concentrations of oxygen and nitrogen can also
occur due to reservoirs. Supersaturation below dams 
has typically two origins: (i)  air, which is entrained as the

water plunges down the spillway and which is sub-
sequently dissolved into the water, and (ii) high oxygen
concentrations that occur in the surface water of
reservoirs with appreciable primary production. If water
is drawn from the epilimnion, the two effects are
combined and cumulate. The best-known, and best-
researched example of dam-related supersaturation is the
dam-cascade on the Columbia River, USA (CBR, 2001).
High level of total dissolved gases (oxygen, nitrogen or
both) can lead to gas bubble disease in fishes (Mesa 
and Warren, 1997). If the fishes are exposed for several
hours to total gases in excess of 115%, then emboli 
accumulate in gill capillaries causing death by anoxia
(Mesa et al., 2000). 

Phosphorus and nitrogen cycle

With the sedimentation of organic particles, either
allochthonous or autochthonous, nutrients are withdrawn
from the river system. Although nutrients are partly
recycled from the sediment, increased delivery to the
sediment can result in higher burial and net sedimentation
rates. It was shown that reservoirs can act as efficient
sinks for phosphorous and to a lesser degree of nitrogen
(Garnier et al., 1999; Uhlman et al., 1995; Uhlman and
Horn, 1992;). The retention capacity, however, can vary
from year to year depending on the hydrological condi-
tions and input. In Chaffrey Dam Reservoir (Australia)
for example, phosphorous retention varied from 16–98%
(Sherman, 2001). For nitrogen, sediments either acted 
as a net sink with maximum retention of 89% or as a 
net source (Sherman et al., 2001). Especially for phos-
phorous, reservoirs can exceedingly reduce the amount
transported by the river. This effect might be welcomed in
eutrophic and polluted rivers. In oligotrophic regions,
however, the nutrient depletion might cause changes in
the food web and thus create severe problems for fishes
downstream of the impoundment. 

In Kootenay Lake (British Columbia, Canada), a
natural oligotrophic lake, phosphorous decreased marked-
ly after the construction of two dams on its tributary
(Duncan Dam on Duncan River and Libby Dam on
Kootenay River, Fig. 1). The dark line in Figure 3 shows
the history of phosphorous loading to Kootenay Lake
(Pieters et al., 1998). The high loading during the 60s 
was partly due to the operation of a fertilization plant on
the upper Kootenay River. After 1969, pollution controls
were progressively implemented and the plant was closed
in 1987. As a result of both, the pollution control and the
retention of nutrients in the upstream impoundments,
phosphorous loading dropped during the 80s. The input
decreased to a value below the so-called historic level, 
accounting for the situation prior to dams and anthro-
pogenic pollution (Ashley et al., 1999).
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Figure 2. Oxygen saturation in Murray River at three different
distances downstream of Lake Hume Dam (Murray River Basin,
Australia). The values are averaged over the summer months
December and January and over the years 1974–1976 (Data from
Walker 1978).



The reduction in phosphorous loading in the 70s and
80s, after the closure of the dams and the successful pol-
lution control was closely followed by declines in phyto-
plankton and zooplankton. Subsequently the catches of
kokanees, a land-locked Sockeye salmon, declined as
well (Ashley et al., 1997). The worrying decline of koka-
nee stocks initiated a fertilization program. Fertilizer is
added since 1992 to the lake in the form of liquid ammo-
nium polyphosphate with the goal to stabilize phospho-
rous concentration at the historical level (Ashley et al.,
1997). The artificial fertilization was designed in such a
way to compensate for the nutrients, lost in the upstream
man-made dams. As a result, the phosphorous concentra-
tion in the lake increased since the fertilization program
started in 1992 (Fig. 3). Simultaneously the numbers 
of kokanee spawners (dots in Fig. 3) went up as well 
(Ashley et al., 1999; Pieters et al., 1998).

Oligotrophication and migrating fish

Probably the largest impact of dam construction is on
riverine fishes. Salmonid, trout and sturgeon have been
particularly effected by impoundments obstructing their
migration, which involves the entire river system. From a
geochemical point of view, migrating fish transport nu-
trients with their bodies from the ocean into the riverine
system. A decline of migratory fishes can result in a sig-
nificant loss of nitrogen (Helfield and Naiman, 2001) and
phosphorus supplied by decomposing adult carcasses. In
oligotrophic systems, as found in watersheds in remote
areas, for instance in NW America or Scandinavia, any

loss of nutrients can be vital to the productivity of the
ecosystem and fish stocks. Under natural conditions,
anadromous fish add ocean-born nutrients to rivers while
they are dying. The natural fertilization of this process
may account for more than 30% of the phosphorus input
in an oligotrophic lake (Stockner et al., 1996). Therefore
the decrease in returning numbers of adult anadromous
fishes may add to declining nutrient loads and subsequent
oligotrophication of headwaters (Larkin et al., 1997;
Bilby et al., 1996). 

Nutrient ratios

The efficiency of a reservoir in retaining nutrients varies
for different compounds. Lakes and reservoirs are espe-
cially efficient in retaining siliceous shells of diatoms
produced in the water column. After blooms, diatoms
sink faster to the lake bottom than other phytoplankton
does. The slow dissolution prevents dissolved silicate
from diffusing back into the water column, thus exporting
Si into the sediment. Phosphorus on the other hand is re-
cycled more intensely within the epilimnion, since sink-
ing rates for algae other then diatoms are generally slower
and at least part of the organically bound phosphorous is
released rapidly within the water column. Therefore the P
/Si ratio of the water in the outlet might change signifi-
cantly. The loss of Si in man-made lakes has resulted in
declines of dissolved silicate in many river waters after
dam closure (Conley et al. 2000; Conley et al., 1993;
Wahby et al., 1982, van Bennekom and Salomons, 1981;
Mayer et al., 1980). The decline in Si transport to the
coastal seas in turn can change the ratio of the nutrient
available for the phytoplankton community and hence af-
fects the whole food web of such an ecosystem (Humborg
et al., 2000; Turner et al., 1998). However, it is difficult 
to distinguish between the effects of Si decline, due to 
retention, and P and N increase, due to eutrophication.
Both processes can lead to high N/Si or P/Si ratios 
with adverse affects on the ecosystem. High N/Si ratios,
for example, indicate excess N with regard to diatom 
needs. A ratio of 1 has been proposed as a threshold with 
higher values promoting the growth of non siliceous
phytoplankton and disadvantaging diatoms (Turner and
Rabalais, 1991)

Many catchments were eutrophied and dammed si-
multaneously over the last 50 years (Humborg et al.,
2000; Rahm et al., 1996; Cosiacu et al., 1996; Turner and
Rabalais, 1991). One example is the Danube River, which
has been turned into a series of lakes with the “Iron Gate”
hydroelectric plant (Romania) being the largest impound-
ment on the river (Petrovic, 1996). At the same time, the
Danube watershed is highly populated and industrialized
and therefore the river receives considerable loads of nu-
trients with agriculture as the main source. These high
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Figure 3. Phosphorus load to (dark line; left scale) and kokanee
spawners (dots; right scale) returning from Kootenay Lake (British
Columbia, Canada). It is assumed that the drastic decline of the
kokanee spawners is due to the decrease of the phosphorus input
since 1968 (Ashley et al., 1997). Since the mid 70s, phosphorus
load is estimated to be below historical load, due to trapping in the
upstream reservoirs (adapted from Pieters et al., 1998; p 9.21/22).



loads of phosphorus and nitrogen lead to extensive di-
atom blooms in the reservoirs of the Iron Gate. With the
sedimentation of these blooms, a significant quantity of
dissolved silicate is removed from the reservoir system.
Based on biogenic silicate concentrations in the sediment
(Reschke, 1999) and the total amount of sediment trapped
behind the dam (Panin et al., 1999), a biogenic silicate re-
tention of about 500 kt Si a–1 can be estimated. This value
agrees with what was estimated by Humborg et al.,
(1997) as “missing” silicate in the coastal Black Sea since
the closure of the Iron Gate in 1975. This is an important
part of dissolved silicate transported by the Danube. Be-
tween 1988 and 1992 about 300 kt Si a–1 reached the
Black Sea (Fig. 4; load estimates based on measurements
at Sulina Branch, Danube Delta; Cociasu et al., 1996). 

While the Iron Gate reservoir seems to be an impor-
tant sink for dissolved silicate, there are no data available
on P or N retention within the impoundment. N/Si and
Si/P ratios measured in the water column during a sum-
mer cruise indicate that both nutrients are deplete, just as
dissolved silicate. The nutrient ratios were 0,5 for N/Si
and 200 for Si/P (Reschke 1999). At the river mouth N/Si
values of 4–5 were reported (Humborg, 1995; Garnier et
al., in press). P and N are supplied below the dam through
agricultural activities and wastewater effluent whereas 
no significant source exists for Si (Brunner, 1997; Friedl
et al., in press). As a result of the apparent depletion 
of dissolved silicate in the riverine delivery, average
dissolved silicate concentrations measured in the Black
Sea, offshore the Danube Delta, decreased from 55 mM
before the closure of the Iron Gate to around 20 mM 
today (Fig. 5). The frequency of diatom blooms over 
the last decades has decreased and dinoflagellates and
gelatinous species have become more important (Hum-
borg et al., 1997). 

As a result of the shift in phytoplankton communities,
the food chain of the NW Black Sea has changed leading
to a drastic decline in fishery since the 70s. Historically
the Black Sea has been one of the most fish productive
marine regions in the world. Since the 70s number and
quality of fish catches declined. Whereas 30 years ago
economical valuable mackerels and bonito were caught,
today’s catches consist only of anchovies (Tolmazin,
1985). Similar effects are described for the River Nile and
the coastal sea off Egypt (Halim, 1991) and the Missis-
sippi river basin (Turner et al., 1998). 

Harmful algal blooms

Changes in nutrient ratios in coastal seas have been pos-
tulated to be responsible not only for shifts in algal com-
munities, but also to favor the growth of toxic algae. Al-
though blooms of toxic algae are a naturally occurring
phenomenon, the frequency and severity of harmful algal
blooms (HABs) world-wide has multiplied in the past
decades (Hallegraef, 1993; Smayda, 1990). Although the
exact reasons for the increase are unclear, it is known that
nutrients can stimulate harmful phytoplankton species in
several ways. The relative availability of specific nutri-
ents can trigger the growth of a selection of phytoplank-
ton species and correspondingly certain HAB species
might be stimulated selectively (Smayda, 1990). As
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Figure 4. Load of dissolved silicate of the Danube river, estimated
from measurements at Sulina station (main branch in the of Danube
delta) after Cociasu et al. (1996). 

Figure 5. Averages of dissolved silicate concentration in sea-
water at Constanta-station in winter (Northwestern Black Sea, near
the Danube Delta). The dissolved silicate concentration dropped 
after closure of the Iron Gate, the biggest dam of the Danube 
River. The bold lines indicate overall medians 1960–1974 and
1975–1992. (Adapted from Cosiacu et al., 1996.)



human activities have altered these nutrient supply ratios,
harmful forms might be favored. 

Changes in N/P ratios were reported to trigger red tide
events (Zhang,1994). Diatoms, the vast majority of which
are harmless, require dissolved silicate as nutrient,
whereas other phytoplankton do not. Therefore diatoms
are sensitive to a decline in Si/N and Si/P ratios. Growth
of diatoms can be reduced by dissolved silicate limita-
tion, giving rise to other species such as dinoflagellates,
which has many more toxic species (Smayda, 1997;
Paerl, 1997; Radach et al., 1990). In addition to the
changes in the ratio of nutrients, increasing quantities of
nitrogen and phosphorous in coastal areas may result in
higher abundance of toxic phytoplankton as well (Pearl,
1997). Habitat alteration, changes in water temperature
and turbulence or transport by ship’s ballast water can
also be responsible for the spread of HABs (Smayada,
1997). 

Change in the ratio of nutrients entering the coastal
system may also trigger shifts in the food web (Turner
et al., 1998). Enclosed seas such as the Northwestern
Black Sea, the North Sea or the Baltic Sea are especially
susceptible to alterations in nutrient inputs. Thus, modi-
fying the nutrient cycles in the catchment by providing
more nutrients (from agriculture runoff and wastewater
inflow) or retaining nutrients selectively (biogenic sili-
cate in reservoirs behind dams), or the combination of
both, can have dramatic consequences on coastal eco-
systems. 

In addition to the nutrient supply other factors such 
as physical forcing, physiology and trophodynamics in-
fluence the occurrence of harmful algal blooms. Yet these
relationships are far from understood and currently the
topic of international research programs (GEOHAB,
Global Ecology and Oceanography of Harmful Algal
Blooms).

Beyond down-river – final remarks 

Building and operating dams modifies the aquatic
ecosystem. The consequences are well recognized locally
where the rivers are changed into lakes and where the
hydrological regime of the downstream river is altered
below the dam. The effects occur most prominently
locally and receive considerable attention on regional
levels. However, the alteration due to the establishment 
of large dams causes effects far beyond the local scale,
transgressing international borders and reaching far
outside the system boundaries including deltas and estu-
aries. 

Although substantial knowledge exists on the causal-
ities, it is often difficult to proof cause and effect over
large distances. For example, estuarine integrity depends
on a balance of riverine freshwater and oceanic seawater

influences. Reducing the variability in freshwater input
disturbs this balance. Prolonged low-flow conditions
allow saltwater to intrude deeper and for longer time
periods into the estuary, potentially increasing the local
salinity.  For example, the estuary of the Volga River in
the Caspian Sea is subject to a fourfold increase in salin-
ity as the water discharge dropped by 70% due to exten-
sive damming. Another example is the Don delta (Azov
Sea, Russia), where salinity doubled since damming
started at the Don River (McCully, 1996). In the tropics,
the balance between freshwater discharge and saltwater
as well as sediment transport governs the mangrove
forests. Deterioration of these mangroves is often related
to changes in freshwater discharge and sediment trans-
port and thus to upstream river damming (Snedacker,
1984).

Many of the discussed effects are problematic only in
combination with other man-made alterations. Oxygen
depletion in the discharged water of a dam might in some
cases have little effect on the river ecosystem downstream
by itself. However, if it is combined with high loading 
of organic matter form sewage and agriculture the eco-
system might suffer heavy deterioration. The repercus-
sions of an altered process may only become obvious
after a long period of time, e.g. many years. Salmon 
not reaching the spawning grounds will slowly alter the 
P cycle of those waters.

Biogenic silicate retention as discussed for the
Danube River might only lead to a slight change in the
phytoplankton community in the coastal sea. The simul-
taneous increase of P and N loads in the Danube lead to
enhanced degradation of the coastal ecosystem.

To assess such “fine-tuned” effects, long term records
of chemical and biological parameters will be necessary
to successfully challenge these questions. For the evalua-
tion of potential effects, water quality model help to
reconstruct pre-damming conditions and evaluate the
importance of different processes. Modeling can deliver
useful results, where large amounts of data are available
for the analysis (for example for the river Seine; Even 
et al., 1998). For most river basins, reliable and homo-
geneous data is too rare for such modeling approaches
(Garnier et al., in press). 

Acknowledgments

We are thankful for the helpful comments of B. Wehrli,
J. Little, V. Straskrabova, R. Pieters and K. Ashley on 
an earlier version of this manuscript. The final version
benefited from the critical remarks of two reviewers.

62 G. Friedl and A. Wüest Disrupting biogeochemical cycles – Consequences of damming



References

Alloway, B. J., 1995. The origins of heavy metals in soils. In: B. J.
Alloway (ed.), Heavy metals in soils. Blackie Academic & Pro-
fessional, 39–57.

Ashley, K., L. C. Thompson, D. Sebastian, D. C. Lasenby, K. E.
Smokorowski and H. Andrusak, 1999. Restoration of kokanee
salmon in Kootenay Lake, a large intermontane lake, by con-
trolled seasonal additions of nutrients. In: T. Murphy and M.
Munawar (eds.), Aquatic Restoration in Canada. Ecovision
Wold Monograph Series, Backhuys Publishers, Leiden, The
Netherlands, 127–170.

Ashley, K., L. C. Thompson, D. C. Lasenby, L. McEachern, K. E.
Smokorowski and D. Sebastian, 1997. Restoration of an in-
terior lake ecosystem: the Kootenay Lake fertilisation experi-
ment. Water Qual. Res. J. Canada 32: 295–323.

Bergkamp, G., M. McCartney, P. Dugan, J. McNeely and M. Acre-
man, 2000. Dams, ecosystem functions and environmental
restoration. Thematic reviews II.1, World Commission of
Dams, Cape Town, www.dams.org.

Beutel, M. W. and A. J. Horne, 1999. A review of the effect of hy-
polimnetic Oxygenation an Lake and Reservoir Water Quality.
Journal of Lake and Reservoir Management 15: 285–297.

Bilby, R. E., B. R. Fransen and P. A. Bisson, 1996. Incorporation of
nitrogen and carbon from spawning Coho Salmon into the
trophic system of small streams: evidence from stable isotopes.
Can. J. Fish. Aquat. Sci. 53: 164–173.

Bodaly, R. A., V. L. S. Louis, M. J. Paterson, R. J. P. Fudge, B. D.
Hall, D. M. Rosenberg and J. W. M. Rudd, 1997. Bioaccumula-
tion of mercury in the aquatic food chain in newly flooded
areas. Experimental Lakes Area Reservoir Project ELARP 15:
259–287.

Brown, L. R., M. Renner and B. Halweil, 1996. Vital Signs, the en-
vironmental trends that are shaping our future. W.W. Notron
and Company, New York.

Brunner, P. H., 1997: Nutrient balances for Danube countries and
option for surface and ground water protection. (Project
EUaR/102a/91; Contract: 95_0614) (1st Danube Applied Re-
search Conference, Sinaia-Romania, 14–16 September 1997,
Program & Book of Abstracts, 60–64 and Executive summary,
7 p.).

Columbia Basin Research, School of Aquatic & Fishery Sciences,
University of Washington, http://www.cqs.washington.edu/
d_gas/gas_dis.html.

Cirpka O., P. Reichert, O. Wanner, S. R. Müller and R. P.
Schwarzenbach, 1993. Gas exchange at river cascades: Field
experiments and model calculations. Environ. Sci. Techn. 27:
2086–2097. 

Cociasu, A., L. Dorogan, C. Humborg and L. Popa, 1996. Long-
term ecological changes in the Black Sea. Marine Pollution
Bulletin 32: 32–38.

Conley, D. J., C. L. Chelske and E. F. Stoermer, 1993. Modification
of the biogeochemical cycle of silica with eutrophication. Ma-
rine Ecology Progress Series 101: 179–192.

Conley D. J., P. Stalnacke, H. Pitkänen and A. Wilander, 2000. The
transport and retention of dissolved silicate by rivers in Sweden
and Finland. Limnol. Ocenogr. 45: 1850–1853.

Cooke G. D. and R. E. Carlson, 1989. Reservoir Management for
Water Quality and THM Precursor Control. AWWA Research
Foundation.

Cooke G. D., E. B. Welch, S. A. Peterson and P. R. Newroth, 1993.
Restoration and Management of Lakes and Reservoirs. Lewis
Publishers.

Covich, A. P., 1993. Water and ecosystems,. In: P. H. Gleick (ed.),
Water in Crisis. Oxford University Press, New York, 40–55.

Engstrom, D. R., E. B. Swain, T. A. Henning, M. E. Brigham and P.
L. Brezonik, 1994. Atmospheric mercury deposition to lakes
and watersheds. In: L. A. Baker (ed.), Environmental chemistry
of lakes and reservoirs. Vol. 237. ACS, Washington D.C.

Fearnside, P. M., 1995. Hydroelectric dams in the Brazilian Ama-
zonia as sources of greenhouse gases. Environ. Conservation
22: 7–19.

Fearnside, P. M., 1997. Greenhouse gases from deforestation in
Brazilian Amazonia: net emitted emissions. In: S. H. Schneider
(ed.), Climate Change. Vol. 35, 321–343.

Fernando, C. H., 1984. Lakes and reservoirs of Southeast Asia. In:
F. B. Taub (ed.), Ecosystems of the world: Lakes and reservoirs.
Vol. 23. Elsevier, Amsterdam, 411–446.

Friedl, G., J. Friedrich and B. Wehrli, in press. Nutrient fluxes in the
lower Danube River, Danube Delta and the coastal Black Sea,
Proceedings of International Workshop on Land-Ocean Nutrient
Fluxes: the Silica Cycle, ZMT, University of Bremen, Germany.

Galy-Lacaux, C., R. Delmas, G. Kouadio, S. Richard and P. Gosse,
1999. Long-term greenhouse gas emissions from hydroelectric
reservoirs in tropical forest regions. Global Biogeochem. Cy-
cles 13: 503–517.

Garnier J., G. Billen, E. Hannon, S. Fonbonne, Y. Videnina and M.
Soule, Modeling transfer and retention of nutrients in the
drainage network of the Danube river. Estuarine, Coastal and
Shelf Science, in press.

Garnier J., B. Leporcq, N. Sanchez and X. Philippon, 1999. Biogeo-
chemical mass-balances (C, N, P, Si) in three large reservoirs of
the Seine Basin (France). Biogeochemistry 47: 119–146.

Gilmour, C. C., E. A. Henry and R. Mitchell, 1992. Sulfate stimu-
lation of mercury methylation in freshwater sediments. Envi-
ron. Sci. Technol. 26: 2281–2287.

Gleick, P. H., 1993. Water in Crisis. University Press, New York.
Gleick, P. H., 1999. The world’s water 1998-1999. Island Press,

Washington D.C.
Hallegraeff, G. M., 1993. A review of harmful algal blooms and

their apparent global increase. Phycologia 32: 79–99.
Halim, Y., 1991. The impact of human alterations of the hydrologi-

cal cycle on ocean margins. In: R. F. C. Mantoura, J.-M. Martin
and R. Wollast (eds), Ocean margin processes in global change.
John Wiley & Sons, New York, 301–327.

Hecky R. E., D. J. Ramsey, R. A. Bodaly and N. E. Strange, 1991.
Increased methylmercury contamination in fish in newly for-
med freshwater reservoirs. In T. Suzuki, N. Imura, and T. W.
Clarkson (eds.), Advances in Mercury Toxicology, Plenum,
33–52.

Helfield, J. M., and R. J. Naiman, 2001. Effects of salmon-derived
nitrogen on riparian forest growth and implications for stream
productivity. Ecology 92: 2403–2409.

Herrin, R. T., R. C. Lathrop, P. R. Gorki and A. W. Andren, 1998.
Hypolimnetic methylmercury and its uptake by plankton dur-
ing fall destratification: a key entry point of mercury into lake
food chains? Limnol. Oceanogr. 43: 1476–1486.

Humborg, C., D. J. Conley, L. Rahm, F. Wulff, A. Cociasu and V. It-
tekkot, 2000. Silicon retention in river basins: far-reaching ef-
fects on biogeochemistry and aquatic food webs in coastal ma-
rine environments. Ambio 29: 44–49.

Humborg, C. 1995. Untersuchungen zum Verbleib der Nährstoff-
Frachten der Donau. Institut für Meereskunde, PhD thesis,
Kiel, Germany.

Humborg, C., V. Ittekkot, A. Cociasu and B. v. Bodungen, 1997. Ef-
fect of Danube River dam on Black Sea biogeochemistry and
ecosystem structure. Nature 386: 385–388.

ICPP, 1996. Climate change 1995 – the science of climate change,
summary for policymakers and technical summary of the 
working group I report, Cambridge University Press, Cam-
bridge, 56 pp.

Komarkova J. and J. Hejzlar, 1996. Summer maxima of phyto-
plankton in the Rimov Reservoir in relation to hydrologic 
parameters and phosphorus loading. Arch. Hydrobiol. 136:
217–236.

Larkin, G. A. and P. A. Slaney, 1997. Implications of trends in ma-
rine-derived nutrient influx to south coastal British Columbia
salmonid production. Fisheries 22: 17–25.

Aquat. Sci. Vol. 64, 2002 Review Article 63



Lucotte, M., A. Chamberland, E. Duchemin, R. Canuel and N.
Barette, 1997. Monitoring of the emission of greenhouse gases
by hydroelectric reservoirs of Northern Quebec. International
workshop on greenhouse gas emissions from hydroelectric
reservoirs. COPPE, Rio de Janeiro, Brazil.

Martinet-Cortizas, A., X. Pontevedra-Pombal, E. Garcia-Rodeja, J.
C. Novoa-Munoz and W. Shotyk, 1999. Mercury in a Spanish
peat bog: archive of climate change and atmospheric metal de-
position. Science 284: 939–942.

Matzinger A. and A. Wüest, 2001. The effect of cascading on nutri-
ent pathways and productivity in dams – Toward a sensitivity
analysis. Third international symposium on environmental hy-
draulics, Tempe, Arizona.

Mayer, L. M. and S. P. Gloss, 1980. Buffering of silica and phos-
phate in a turbid river. Limnol. Oceanogr. 25, 12–22.

McCully, P., 1996. Silenced rivers – the ecology and politics of large
dams. Zed Books, London.

Mesa, M. G. and J. J. Warren. 1997. Predator avoidance ability of
juvenile chinook salmon subjected to sublethal exposures to
gas supersaturated water. Canadian Journal of Fisheries and
Aquatic Sciences 54: 757–764. 

Mesa, M. G., L. K. Weiland, and A. G. Maule. 2000. Progression
and severity of gas bubble trauma in juvenile salmonids. Trans-
actions of the American Fisheries Society 129: 174–185. 

Mobley, M. H. and T.V.A. (Tennessee Valley Authority), 1997.
Reservoir aeration diffuser system, Water Power ‘97, August
5–8, 1997, Atlanta, Georgia.

Neu, H. J. A., 1982. Man-made storage of water resources - a lia-
bility to the ocean environment? Part I. Marine Poll. Bulletin
13/1: 7–12.

O’Keeffe, J. H., R. W. Palmer and B. A. Byren, 1990. The effects of
impoundment on the physicochemistry of two contrasting south-
ern African river systems. Reg. Riv. Res. Manag. 5: 97–110.

Panin, N., D. C. Jipa, M. T. Gomoiu and D. Secrieru, 1999. Impor-
tance of sedimentary processes in environmental changes:
Lower River Danube – Danube Delta - Western Black Sea Sys-
tem. In: S. T. Besiktepe, U. Unluata and A. S. Bologa (eds.),
Environmental Degradation of the Black Sea: Changes and
Remedies. NATO Science Series, Kluwer Academic Publish-
ers, Dordrecht, 23–42.

Paterson, M. J., J. W. M. Rudd and V. S. Louis, 1998. Increases in
total and methylmercury in zooplankton following flooding of
a peatland reservoir. Environ. Sci. Technol. 32: 3868–3874.

Pearl, H. W., 1997. Coastal eutrophication and harmful algal
blooms: Importance of atmospheric deposition and ground-
water as “new” nitrogen and other nutrient sources, Limnol.
Oceanogr. 42: 1154–1165.

Petts G., 1984. Impounded rivers. Blackwell, Oxford.
Petrovich, 1996. Limnologische Berichte Donau. IAD, 53–58. 
Pieters, R., L. C. Thompson, L. Vidmanic, S. Pond, J. Stockner, 

P. Hamblin, M. Young, K. Ashley and B. Lindsay and G.
Lawrence, 1998. Arrow reservoir limnology and trophic status
– Year 1, 1997/1998. Report. Ministry of Environment, Lands
and Parks. British Columbia.

Radach, G., J. Berg and E. Hagmeier, 1990. Long-term changes of
the annual cycles of meteorological, hydrographic, nutrient and
phytoplankton time series at Helgoland and at LV ELBE 1 in
the German Bight. Continental Shelf Research 10: 305–328.

Rahm L., D. Conley, P. Sanden, F. Wulff and P. Stalnacke, 1996. Time
series analysis of nutrient inputs to the Baltic sea and changing
DSi : DN ratios. Marine ecology progress series 130: 221–228.

Rasmussen, P. E., D. J. Villard, H. D. Gardner, J. A. C. Fortescue, S.
L. Schiff and W. W. Shilts, 1998. Mercury in lake sediments of
the Precambrian Shield near Huntsville, Ontario, Canada. Env-
iron. Geology 33: 170–182.

Reschke, S. 1999. Biogeochemische Variabilitäten in der Schweb-
stofffracht der Donau und deren Einfluß auf das Sedimenta-
tionsgeschehen im nordwestlichen Schwarzen Meer. PhD the-
sis, Hamburg.

Rosa, L. P., M. A. d. Santos, J. G. Tundisi and B. M. Sikar, 1997.
Measurements of greenhouse gas emissions in Samuel, Tucurui
and Balbina dams – Brazil, 51–55. International workshop on
greenhouse gas emissions from hydroelectric reservoirs.
COPPE, Rio de Janeiro, Brazil.

Rosa, L. P. and R. Schaeffer, 1995. Global warming potentials: The
case of emissions from dams. Energy Policy 23: 149–158.

Rosa, L. P., R. Schaeffer and M. A. d. Santos, 1996. Are hydroelec-
tric dams in the Brazilian Amazon significant sources of
`greenhouse`gases? Environ. Conservation 23: 2–6.

Rosenberg D. M., F. Berkes, R. A. Bodaly, R. E. Hecky, C. A. Kelly
and J. W. M. Rudd, 1997. Large scale impacts of hydroelectric
development. Environmental Reviews 5: 27– 54.

Rosenberg, D. M., R. A. Bodaly and P. J. Usher, 1995. Environmen-
tal and social impacts of large scale hydroelectric development:
who is listening? Glob. Environm. Change 5: 127–148.

Rudd J. W. M., R. Harris, C. A. Kelly and R. E. Hecky, 1993. Are
hydroelectric reservoirs significant sources of greenhouse
gases? Ambio 22: 246–248.

Sherman B. (2001) The Chaffey Dam Story. CISRO.
Smayda, T., 1990. Novel and nuisance phytoplankton blooms in the

sea: Evidence for a global epidemic. In: E. Graneli, B. Sund-
strom, L. Edler and D. M. Anderson (eds.), Toxic Marine Phyto-
plankton. Elsevier, New York.

Smayda, T. J., 1997. Harmful algal blooms: Their ecophysiology
and general relevance to phytoplankton blooms in the sea. Lim-
nol. Oceaongr. 42: 1137–1153.

Snedaker, S. C., 1984. Mangroves: A summary of knowledge with
emphasis on Pakistan, 255–261. In: B. U. Haq and J. D. Mili-
man (eds.), Marine geology and oceanography of Arabian Sea
and coastal Pakistan. Van Nostrand Reinhold Co., New York.

Steinnes, E., 1995. Mercury – Heavy metals in soils, 245–258. 
In: B. J. Alloway (ed.), Blackie Academic and Professional,
London.

Stockner, J. G. and E. A. Macisaac, 1996. British Columbia lake en-
richment program: two decades of habitat enhancement for
Sockeye Salmon. Reg. Riv. Res. Manag. 12: 547–561.

Straskraba M., J. G. Tundisi and A. Duncan, 1993, State-of-art of
reservoir limnology and water quality management. In:
Straskraba Tundisi, Duncan (ed.), Comparative Reservoir Lim-
nology and Water Quality Management. Kluwer Academic
Publishers, Dordrecht, Developments in Hydrobiology, 77:
213–288.

Tolmazin, D., 1985. Changing coastal oceanography of the Black
Sea. I: Northwestern shelf. Progress in Oceanography 15:
217–276.

Turner, R. E., N. Qureshi, N. N. Rabalais, Q. Dortch, D. Justic, R. F.
Shaw and J. Cope, 1998: Fluctuating silicate: nitrate ratios and
coastal plankton food webs. Proc. Nattl. Acad. Sci. USA 95:
13048–13051.

Turner R. E. and N. N. Rabalais, 1991. Changes in Mississippi river
water quality this century. BioScience 41: 140–147.

Uhlmann D. and H. Horn, 1992. The significance of sedimentation
and sediments to phytoplankton growth in drinking-water
reservoirs. In: D. W. Sutcliffe and J. G. Jones (eds.), Eutrophi-
cation: research and application to water supply, Freshwater
Biological Association, 94–106.

Uhlmann D., M. Hupfer and L. Paul, 1995. Longitudinal gradients
in the chemical and microbial composition of the bottom sedi-
ment in a channel reservoir (Saidenbach, Saxony). Int. Revue
ges. Hydrobiol. 80: 15–25.

vanBennekom A. J. and W. Salomons, 1981. Pathways of nutrients
and organic matter from land to ocean through rivers. In: J. M.
Martin, J. D. Burton and D. Eisma (eds.), River Inputs to Ocean
Systems, UNEP, UNIPUB, 33–51. 

Vörösmarty, C. J., K. P. Sharma, B. M. Fekete, A. H. Copeland, J.
Holden, J. Marble and J. A. Lough, 1997. The storage and ag-
ing of continental runoff in large reservoir systems of the world.
Ambio 26: 210–219.

64 G. Friedl and A. Wüest Disrupting biogeochemical cycles – Consequences of damming



Wahby, S. D. and N. F. Bishara, 1982. The effect of the River Nile
on Mediterranean water, before and after the construction of
the High Dam at Aswan. River Inputs to Ocean Systems, UNEP.

Walker, K. F., T. J. Hillman and W. D. Williams, 1978. Effects of im-
poundments on rivers: an Australian case study. Verh. Internat.
Verein. Limnol. 20: 1695–1701.

WCD, 2000. Dams and development – a new framework for deci-
sion-making. World Commission of Dams. Earthscan Publica-
tions Ltd, London and Sterling VA, USA.

Zhang J., 1994. Atmospheric wet deposition of nutrient elements:
Correlation with harmful biological blooms in the northwest
Pacific coastal zones. Ambio 23: 464–465.

Aquat. Sci. Vol. 64, 2002 Review Article 65

To access this journal online:
http://www.birkhauser.ch


